The effects of water residence time and anoxic conditions on the mobilization and speciation of arsenic (As) in a calcite-and pyrite-bearing altered rock excavated during a road-tunnel project has been evaluated using batch and column laboratory experiments. Higher infiltration rates (i.e., shorter water residence times) enhanced the leaching of As due to the higher pH values of the effluents and more rapid transport of dissolved As through the columns. The concentration of As in the effluent also increased under anoxic conditions regardless of the water residence time.
INTRODUCTION
Arsenic (As) contamination of soil and groundwater from natural or anthropogenic sources is a serious problem encountered in many countries around the world that is affecting millions of people (Acharyya et al. 2000; Akai et al., 2004; Das et al., 1996; Dowling et al., 2002; Nickson et al., 2000) . Arsenic is a toxic trace element that is ubiquitous in nature, and is usually concentrated in mineral sulfide ore bodies (Fleet et al., 1989; Huston et al., 1995; Smedley and Kinniburgh, 2002) . Serious health problems like arsenicosis, keratosis and certain types of cancers (e.g., skin, lungs, liver, bladder and kidneys) have been linked to the chronic intake of this element through contaminated drinking water sources (Cebrian et al., 1983; Chakraborty and Saha, 1987; Chen et al., 1985; Chen et al., 1992; O'Day et al., 2004; Sengupta, 2002; Smith et al., 1992; Tseng et al., 1968; Zaldivar, 1974) .
Recent road and tunnel construction projects in Japan have excavated rocks with elevated contents of hazardous elements like As, lead (Pb), boron (B), chromium (Cr) and selenium (Se).
These rocks contain abnormally high amounts of these hazardous elements mainly because of hydrothermal alteration. This is to be expected because Japan is located in the Pacific ring of fire known for its active faults and volcanoes. Rocks that have been altered by hydrothermal fluids/solutions are collectively termed hydrothermally altered rocks, which have varying chemical and mineralogical properties depending on the nature and extent of their alterations as well as the inherent physical and chemical properties of the hydrothermal fluid (Pirajno, 2009 ). Excavated hydrothermally altered rocks are therefore potential sources of soil and groundwater contamination if not disposed of properly. Hydrothermally altered rocks have been extensively studied but mostly in the context of ore formation and characterization (Aiuppa et al., 2006; Allen and Hahn, 1994; Halbach et al., 1993; Horton et al., 2001; Huston et al., 1995; Ostwald 3 and England, 1977) . In addition, several authors have examined the geochemistry of toxic elements, such as As and some heavy metals, in contact with hydrothermally altered rocks at mine pit lakes (Davis and Ashenberg, 1989; Davis et al., 2006; Eary, 1998; Levy et al., 1997; Savage et al., 2009; Tempel et al., 2000) . However, very few have studied the leaching behaviors and release mechanisms of these toxic elements from excavated altered rocks.
The authors have identified several important factors controlling the release of As and Pb from altered rocks and have proposed several mechanisms in their previous papers (Igarashi et al., 2008; Tabelin and Igarashi, 2009; Tabelin et al., 2010; Tabelin et al., 2012a) . However, most of the data in these studies were obtained using batch experiments close to equilibrium conditions. Although these data are useful as a reference, they provide little information about the temporal and spatial mechanisms controlling the movement of these toxic elements that is of primary importance in the disposal of these hazardous waste rocks. The most recent work of the authors had partly tackled this problem utilizing calcite-pyrite-bearing altered rock in laboratory column experiments under ambient conditions (Tabelin et al., 2012b) . There were indeed temporal and spatial As release mechanisms from these sources. In addition, speciation of As was an important factor that influenced the release mechanisms especially during the early part of the experiments when most of the leaching took place (Tabelin et al., 2012b) . Since the authors' previous column experiments were limited only to ambient conditions, the effects of atmospheric O 2 and CO 2 and water residence time on these release mechanisms still remain unclear. This is because changes in the water residence time (i.e., infiltration rate) under ambient conditions also caused variations in the concentrations of dissolved gases in the pore water (Tabelin et al., 2012b) . Thus, it was speculated from these previous results that gaseous O 2 and 4 CO 2 probably played a greater role in the release of As than was previously thought (Tabelin et al., 2012b) .
This study aims to understand the effects of anoxic conditions and water residence time on the mobilization and speciation of As from calcite-pyrite-bearing altered rock producing leachates with slightly alkaline pH. Effects of these parameters on the release of As are important especially during disposal because seasonal changes and other environmental factors experienced in an actual field setting could cause variable infiltration rates and oxic-anoxic conditions. In addition, this study would elucidate the speciation of As under anoxic conditions using batch and column experiments, and examine the important minerals found in the altered rock using microscopic analysis after the column experiments. Finally, geochemical modeling would be utilized to aid in the understanding of the processes that influence As release and speciation from the calcite-pyrite-bearing altered rock under anoxic conditions. This study is significant because it would help answer lingering questions about the importance of atmospheric gases and water residence time in the release of As, and provide a more accurate explanation of the mechanisms involved in its mobilization and speciation from altered rocks under slightly alkaline pH conditions.
MATERIALS AND METHODS

Rock sample and anoxic conditions
The hydrothermally altered rock used in the experiments was obtained from a road-tunnel project constructed on the island of Hokkaido, Japan, which is the same altered rock sample utilized in the previous study of the authors (Tabelin et al., 2012b) . This excavated rock is mainly composed of hydrothermally altered slate, sandstone and mudstone from the Hidaka 5 metamorphic belt and a detailed discussion of the geology, alteration and characterization of the tunnel area is found elsewhere (Takahashi et al., 2011) . The sample used in this study is a mixture of altered and unaltered rocks collected from the bulk excavated rock, which is primarily composed of silicate minerals (i.e., quartz and plagioclase) with calcite, kaolinite and chlorite as minor minerals and trace amounts of pyrite (Tabelin et al., 2012b) . Arsenic content of the sample is 23.6 mg/kg, with low sulfur content of 0.20% by weight (Tabelin et al., 2012b) . Pyrites in hydrothermally altered rocks contain substantial amounts of As, sometimes reaching 1.07 wt% (Tabelin et al., 2012a) . The sample also contains trace amounts of Mn and organic matter at 0.07% by weight as MnO and 0.23% by weight as organic C. In the bulk excavated rock used in this study, mineral phases of As like arsenopyrite were not detected and pyrite was only found in trace amounts. Because of this, sequential extraction was conducted to identify the important solid phases incorporating As in the rock. The majority of As was found with sulfides at 55.2% of the total As content of the rock (Tabelin et al., 2012b) . Significant amounts were also found in the exchangeable fraction (17.9%), with carbonates (2.3%) and with the reducible fraction (i.e., Fe-Mn oxides) (2.4%). The remainder is associated with the crystalline/residual phases that are resistant to leaching under normal geological conditions. In addition, results of particle size distribution analysis of the < 2 mm fraction categorized this sample as clayey sand, which is a mixture of 70.4% sand, 22.3% silt and 7.3% clay (Tabelin et al., 2012b) . The specific gravity (S) of the sample was measured using a pycnometer while its water content (w) was determined by gravimetry. The measured values of S and w are 2.731 and 0.5 wt%, respectively. The rock sample used in both the batch and column experiments was taken from this < 2 mm fraction.
All experiments were conducted inside a stainless steel glove box under 100% argon (Ar) gas. This glove box has two chambers: the main chamber for the experiment and a smaller 6 chamber for the introduction of needed materials. Each of these chambers can be individually controlled from the outside. Materials were introduced into the main chamber through the smaller chamber after the elimination of all gases using a vacuum pump. After this, 100% Ar gas was introduced into the small chamber before transferring the materials into the main chamber for the experiments. The deionized water (18 MΩ·cm) used was obtained from a Millipore Milli-Rx 12α system (Millipore Corporation, USA). Residual dissolved gases in the deionized water were removed in the small chamber by leaving the vacuum pump running for ca. 15 minutes after reaching vacuum conditions, which resulted in the vigorous "boiling" of the solution and expulsion of dissolved gases. Deionized water initially has a pH of 6.4, but increased to 7.4 after the removal of dissolved gases, which indicates that dissolved CO 2 was removed together with dissolved O 2 (DO), resulting in the observed pH increase. Gaseous O 2 inside the main chamber was monitored using an oxygen detector (Ox-01, Riken Keiki, Japan) while the DO concentrations of the deionized water, leachates and effluents were checked using an oxygen probe (Water Checker IWC-5, Sansyo Corporation, Taiwan). In both batch and column experiments, gaseous O 2 in the glove box as well as DO of the deionized water, leachates and effluents were negligible (≈0%).
Batch leaching experiments
The batch leaching experiments were conducted using solid-liquid mass ratios of 1:5 (30 g of rock/150 ml of deionized water) and 1:10 (15 g of rock/150 ml of deionized water) at mixing intervals of 0.5, 2, 6, 10 and 24 hours inside the glove box under anoxic conditions. The pH and Eh of suspensions were measured after the predetermined mixing time. The leachates were obtained by filtration of the suspensions through Millex ® sterile membrane filters (Millipore 7 Corporation, USA) inside the glove box. The leachates were then taken out of the glove box and stored at 6ᵒC prior to the chemical analysis.
Column experiments
Apparatus and initial parameters
The column apparatus used in this study is identical to that outlined in the previous paper of the authors (Tabelin et al., 2012b) , which is made of PVC tubes with inner diameters of 52 mm mounted on top of a steel stand with each stand accommodating three columns. Three columns were constructed inside the glove box under 100% Ar gas to prevent any residual O 2 and CO 2 in the columns prior to the experiments. The thickness of the rock bed and the degree of compaction was standardized in all columns by compacting 344 g of sample to 100 mm. This procedure was repeated until a thickness of 200 mm was achieved.
Influent parameters and effluent collection
Under anoxic conditions, the infiltration rate was varied while maintaining a uniform rock bed thickness. Degassed deionized water was introduced once a week on top of the columns via rainfall simulators at amounts equivalent to 20, 40 and 80 mm/week of rainfall and allowed to flow by gravity. The effluents were collected after about 2 days, and filtered through 0.45 µm Millex ® filters after the measurements of pH, Eh and electrical conductivity (EC). The filtrates were put into propylene bottles for storage. All of these steps were done inside the glove box to prevent any interaction with atmospheric O 2 and CO 2 . The filtered effluent samples were then taken out of the glove box and stored at 6ᵒC prior to the chemical analyses. Details of the column experimental conditions and setup are summarized in Table 1 . For the remainder of this paper, the columns are referred to as follows: 8  Column with rock bed thickness of 200 mm and infiltration rate of 20 mm/week is called case1-anoxic.
 Column with rock bed thickness of 200 mm and infiltration rate of 40 mm/week is referred to as case 2-anoxic.
 Column with rock bed thickness of 200 mm and infiltration rate of 80 mm/week is called case 3-anoxic.
After 59 weeks, spike and tracer tests were conducted in all three columns. The tracer used was bromide (Br -) ion and was prepared using reagent grade potassium bromide (KBr) powders (Wako Pure Chemical Industries Ltd., Japan). Spike tests were done using As [V] or As [III] solutions: As[III] was introduced into case 1-anoxic while As[V] was used in cases 2-and 3anoxic. The solutions of As[V] and As[III] were prepared using reagent grade Na 2 HAsO 4 ·7H 2 O powders and 1,000 mg/L As[III] standard solutions for atomic absorption spectrometry, respectively (Wako Pure Chemical Industries Ltd., Japan). The chemical properties of the influent solutions used in the column experiments are listed in Table 2 . The pore volume (PV) in each column was calculated from the American Society for Testing Materials (1989) , which is also found in the previous work of the authors (Tabelin et al., 2012b) .
The hydrothermally altered rock in the columns underwent additional compaction after the first PV of effluent collection. The thickness of the rock beds decreased by ca. 5 mm in all cases and remained virtually constant until the end of the experiment. These changes observed after the first PV were also incorporated in our calculations (Table 1) .
Post-experimental characterization
The column experiments were terminated after 90 weeks and all columns were sectioned. Each section was ca. 25 mm thick and pore waters from these sections were collected using a 9 centrifuge. Microscopic analysis was also done on the bottom section collected from case 2anoxic using a scanning electron microscope (SEM) (SSX-550, Shimadzu Corporation, Japan) with energy dispersive X-ray spectroscopy (EDS) capability to identify important minerals that influenced As leaching like Fe sulfides and oxyhydroxides/oxides. The SEM was operated using 30.0 kV accelerating voltage while the EDS maps were taken at 13,000 cps with 1,000 ms time constant.
Chemical Analysis
Arsenic concentration in the leachate/effluent samples and pore water greater than 100 µg/L was analyzed using an inductively coupled plasma atomic emission spectrometer (ICP-AES) (ICPE -9000, Shimadzu Corporation, Japan). Liquid samples with low As concentrations (< 100 µg/L) were first pretreated and then analyzed using the hydride generation process coupled with the ICP-AES. For the pre-treatment, 30 ml of the sample was mixed with 15 ml of 12 M hydrochloric acid (HCl), 2 ml of 20% potassium iodide (KI) solution, 1 ml of 10% ascorbic acid solution and diluted with deionized water to 50 ml. All chemicals used in the pre-treatment are reagent grade. Sulfur in the leachates/effluents was predominantly in the form of sulfate (SO 4 2-) based on the results of anion chromatography (ICS -1000, Dionex Corporation, USA) of the leachate samples and the first 20 effluent samples collected from the columns. Thus, for faster and easier determination of SO 4 2-, the ICP-AES was used later on in the study. Coexisting ions like Ca, Si, Al and Fe with concentrations greater than 0.1 mg/L were also analyzed using the ICP-AES without any attachment, but lower concentrations (<0.1 mg/L) were determined using an ultrasonic aerosol generator attached to the ICP-AES. The standard ICP-AES method (i.e., without attachment) has a margin of error of ca. 2 -3 % while more sensitive hydride generation and ultrasonic aerosol generator methods have uncertainties of ca. 5%. The detection limits of 10 the standard ICP-AES method for Ca, Fe, S, As, Al and Si are approximately 0.1, 2, 0.02, 40, 20 and 4 µg/L, respectively. The hydride generation method for As has a detection limit of 0.1 µg/L while the ultrasonic aerosol generator attachment has a detection limit of 1 µg/L. The speciation of As was determined by passing filtered and unacidified leachates/effluents through WATERS Sep-Pak ® Plus Acell Plus QMA cartridges (Waters, MA). After the anoxic experiments, aliquots of the liquid samples were immediately filtered through the speciation cartridges to minimize the oxidation of As[III] to As [V] . The QMA cartridges are solid phase extraction cartridges able to immobilize As[V] while allowing As[III] to pass through (Al-Abed et al., 2006; Impellitteri, 2004) . Liquid samples passing through the QMA cartridges were collected and analyzed in terms of As [III] . As[V] was then calculated from the total As and As[III] concentrations of the leachate/effluent.
Geochemical modeling and mass balance calculations
PHREEQC (Parkhurst and Appelo, 1999) was utilized to calculate the saturation indices (SI) of important minerals like sulfates, carbonates, oxyhydroxides and oxides, which could potentially affect the leaching and mobility of As in the columns. Four calcium arsenates (Ca 5 (AsO 4 )OH, Ca 3 (AsO 4 ) 2 ·3H 2 O, Ca 4 (OH) 2 (AsO 4 ) 2 ·2H 2 O and CaHAsO 4 ·4H 2 O) were also included in the model using thermodynamic data and chemical reactions reported by Bothe and Brown (1999) and Zhu et al. (2006) . In addition, PHREEQC was utilized to simulate an ideal system consisting only of pyrite and calcite. In this simulation, the amounts of calcite and pyrite were set to 10 and 0.1 moles, respectively, and in equilibrium with pure water (pH = 7). These values were selected because the rock sample contains more calcite than pyrite. The concentrations of dissolved O 2 and CO 2 were also adjusted from 1 mg/L to zero. Moreover, an Eh -pH diagram of As 11 speciation was constructed using the Geochemist's Workbench ® (Bethke, 1992) based on the actual effluent chemistry.
Mass balances of As, Ca 2+ and SO 4 2were calculated to relate the changes in the effluent chemistry to the dissolution or precipitation of minerals in cases 1-, 2-and 3-anoxic for the first 59, 29 and 15 weeks, respectively. These intervals were selected because around this time, 14
PVs of effluents had been collected in each case. The calculations were done with several assumptions. First, calcite, pyrite and Ca-/Fe-sulfates are the primary sources of Ca 2+ and SO 4 2in the effluent, and the release of As from the rock was predominantly due to the dissolution of these soluble phases and pyrite oxidation. Second, Ca 2+ and SO 4 2concentrations in the effluents during the first 2 PVs (case 1-anoxic: 1 -11 weeks; case 2-anoxic: 1 -6 weeks; case 3-anoxic: 1 -3 weeks) were attributed to the dissolution of soluble Ca/Fe sulfates and calcite as well as pyrite oxidation. Third, Ca 2+ and SO 4 2concentrations in the effluent after PV 2 were attributed only to calcite dissolution and pyrite oxidation, respectively. Fourth, As due to pyrite oxidation was estimated from the average As concentration in the effluent after apparent equilibrium, which is after ca. week 50 in case 1-anoxic, week 40 in case 2-anoxic and week 20 in case 3anoxic. For the mass balance calculation of As during the spike tests, the average As concentration calculated after apparent equilibrium was assumed as the amount of As released from the rock. Differences between the total As measured and the average As concentration were considered as the contribution of the spike test. All these assumptions were based on the chemical composition, initial column conditions and breakthrough curves that would be discussed below as well as the previous results of the authors (Tabelin et al., 2012a, b) . 12 3 RESULTS
Speciation of arsenic in batch experiments under anoxic conditions
The mobilization and speciation of As under anoxic conditions at different solid-liquid ratios and mixing time are illustrated in Figure 1 . At a higher solid-liquid ratio of 1:5, the leaching of As increased with time and did not reach apparent equilibrium even after 24 hours. The concentration of As was 18 µg/L after 30 minutes and increased to 35 µg/L in 24 hours. For the speciation of As at this solid-liquid ratio, As[V] was the dominant species throughout the experiment. As[III] species was only detected after 6 hours, reaching a concentration of 1 µg/L after 24 hours, which was ca. 2.8% of the total As released from the rock.
At a lower solid-liquid ratio of 1:10, the leaching trend of As also increased with time and did not reach apparent equilibrium after 24 hours similar to those observed at the 1:5 solid-liquid ratio. After 30 minutes, the amount of As in the leachate was only 7 µg/L. This amount continuously increased with time reaching a maximum concentration of 20 µg/L after 24 hours.
The amount of As leached from the rock almost corresponded to half of those measured at 1:5.
For the speciation of As at this solid-liquid ratio, As[V] was the predominant species in the leachate throughout the experiment. The concentration of As[III] also became detectable after 6 hours similar to those observed at a higher solid-liquid ratio, reaching a maximum concentration of 1.4 µg/L, which was equal to 6.8% of the total As leached from the rock.
The pH and Eh values of the leachates were also affected by both the mixing time and solidliquid ratio as shown in Figures 1(c) and (d). Slightly higher pH values were measured at 1:10 (9.74 -10.1) than at 1:5 (9.78 -9.89). In addition, the pH had gradually decreasing trends with increasing mixing time at both solid-liquid ratios. The Eh decreased dramatically after 2 hours 13 followed by a gradual increase, but the system remained under oxidizing condition throughout the experiment.
Effect of infiltration rate on pH, Eh and the leaching curves of As, Ca 2+ , SO 4 2and Fe under laboratory column conditions
The first effluent sample in case 1-anoxic was collected on the 4 th week, case 2-anoxic on the 2 nd week and case 3-anoxic on the 1 st week, which shows that variations of the infiltration rate directly influenced the water residence time in the columns. To put it in another perspective, collecting 14 PVs of effluent took ca. 59, 29 and 15 weeks in cases 1-, 2-and 3-anoxic, respectively (Figure 2(a) ). These would roughly translate to average water linear velocities of 1.85, 3.72 and 7.49 cm/week for cases 1-, 2-and 3-anoxic, respectively, which means that water residence time is inversely proportional to the infiltration rate. However, pore water in this type of column experiments was not uniformly distributed because water was poured intermittently and allowed to infiltrate by gravity. The upper part was unsaturated while the bottom part was close to saturated conditions (Tabelin et al., 2012b) . Table 3 shows the water balances in all columns until week 59. Highest percent recovery was obtained in case 3-anoxic at 97.2% followed by case 2-anoxic7 at 96% and case 1-anoxic at 92.5%. In all cases, the differences between the volume of water added and collected were greater than 163.4 cm 3 (i.e., PV of the columns), which could be attributed to the cumulative water loss due to evaporation. Figure 2 
illustrates the evolution of pH with time at different infiltration rates. In the first 16 weeks of the experiment, the pH in case 3-anoxic were higher (range: 8.6 -9.7) than those in cases 1-(range:
7.5 -8.4) and 2-anoxic (range: 8.1 -8.9). Also, rapid initial increase in pH was observed in cases 2-and 3-anoxic during the first 8 weeks. After these initial increase, pH values in these cases slowly decreased and stabilized around week 25 in the range of 7.8 -8.6. In contrast, the 14 pH of case 1-anoxic during the first 10 weeks were lower (pH range: 7.5 -7.8), then started to slowly increase and stabilized in the same pH range as those of the other two cases. The pH of effluents collected after apparent equilibrium was ca. 0.5 -2.0 pH units higher than the initial pH of the degassed deionized water (Table 2) . This increase probably occurred as soon as water came in contact with calcite present in the rock. Dissolution of calcite is relatively rapid, which means that the final effluent pH is most likely reached around the upper part of the columns. The
Eh values of all effluent samples were located in the range of +0.2 -+0.4 V, which indicates that the columns were under oxidizing conditions even under anoxic conditions (Figure 2(c) ).
The leaching behavior of As with time in the columns under anoxic conditions at varying infiltration rates is illustrated in Figure 2(d) . In all three cases, the leaching curves of As were characterized by distinct peaks followed by stabilization. The As concentration peaks in cases 1-, 2-and 3-anoxic were observed at 450, 520 and 570 μg/L, respectively. In all cases, concentration peaks of As appeared only during the first 50 weeks of the experiment (around the first 10 -15 PVs). In addition, the width of the As concentration peak taken at 50% of C max (maximum As concentration) in case 1-anoxic was wider (ca. 24 weeks) than those of cases 2-(ca. 16 weeks) and 3-anoxic (ca. 6 weeks). The concentration of As stabilized earlier in case 3-anoxic (ca. week 20) followed by case 2-anoxic (ca. week 40) and then case 1-anoxic (ca. week 50). Statistical analyses (F-and T-tests) showed that As concentrations after stabilization in cases 1-and 2anoxic were similar. However, As concentrations in case 3-anoxic were statistically different from those measured in the other two cases. (Note: Details of the statistical analysis are given in supplementary tables). These statistical results suggest that the As concentration range after stabilization was lower in case 3-anoxic (20 -50 µg/L) than those in case 1-(47 -65 µg/L) and
2-anoxic (39 -67 µg/L). The total mass of As leached was highest in case 3-anoxic at 0.87 mg, 15 followed by case 2-anoxic at 0.79 mg and least in case 1-anoxic at 0.47 mg. However, these values only accounted for ca. 2.9 -5.4 % of the total As content of the rock. In contrast, the total masses of As released during the batch experiments were substantially lower at 0.005 and 0.003 mg (ca. 0.7 -0.8% of the total As content of the rock) for solid-liquid ratios of 1:5 and 1:10, respectively. The higher amount of As leached during the column experiments could be attributed to longer exposure of the rock to leaching conditions as well as the continuous under oxic and anoxic conditions. The oxic results were reported in the previous work of the authors (Tabelin et al., 2012b) . Columns used in the oxic experiments were constructed in an identical fashion as those in the anoxic experiments, that is, bulk density, rock bed thickness and infiltration rates were the same. They only differed in the concentrations of atmospheric and dissolved O 2 and CO 2 . Anoxic conditions strongly influenced the pH, Eh and As concentrations of the effluents even though the water residence times were similar (Figures 4 (a) , (b) and (c)).
The pH values were higher under anoxic conditions by as much as 1 and 2 pH units in cases 1and 3-anoxic, respectively. The pH also stabilized at a higher range under anoxic condition (7.8 -8.6) than oxic condition (7.3 -8.0). On the other hand, the Eh values decreased by ca. 0.05 V under anoxic condition, but still remained under oxidizing conditions. The amount of As released from the rock dramatically increased under anoxic conditions as illustrated in Figure 4(c) . The
As concentration peaks increased from 32 to 450 μg/L (ca. 13-fold) in case 1 and 300 to 570 μg/L (ca. 1.9-fold) in case 3. The width of the As concentration peak in case 3-anoxic taken at 50% of C max was similar under oxic and anoxic condition. In contrast, the width of the concentration peak in case 1-anoxic was very pronounced, but was not apparent under oxic conditions (case 1-oxic). This dramatic increase in As concentration under anoxic conditions was only observed during the first 20 PVs (ca. 20 weeks in case 3). After that, As concentration of the effluents under oxic and anoxic conditions were close to each other (case 3). Even though the heights and widths of their respective concentration peaks were different, the leaching curves of
As under oxic and anoxic conditions had similar leaching trends, that is, a distinct peak followed by stabilization was observed. Apparent equilibrium in terms of As concentration was also delayed especially at lower infiltration rates under anoxic conditions. Apparent equilibrium was not reached in case 1-anoxic until ca. week 50 while that under oxic condition was already stable after just 23 weeks. At the highest infiltration rate (case 3), apparent equilibrium was reached at approximately the same time (ca. week 16) under oxic and anoxic conditions.
Anoxic conditions also decreased the concentrations of Ca 2+ and SO 4 2in the effluent as shown in Figures 4(d) and (e), which was more pronounced at the lowest infiltration rate. During the first 10 weeks (2 PVs) under anoxic conditions, concentrations of Ca 2+ and SO 4 2in both cases 1-and 3-anoxic were lower than those under oxic conditions. In case 3-anoxic, the concentrations of the Ca 2+ and SO 4 2decreased by as much as 200 and 1,570 mg/L, respectively.
Even after 2 PVs, the concentrations of these two ions in both cases were consistently lower under anoxic than oxic conditions. Concentrations of Ca 2+ averaged 84 and 18 mg/L for cases 1oxic and 3-oxic, respectively. In contrast, these concentrations decreased dramatically under anoxic conditions averaging 10 and 11 mg/L for cases 1-and 3-anoxic, respectively. Similarly, 18 SO 4 2concentrations of the effluents under ambient conditions averaged 301 and 60 mg/L for cases 1-oxic and 3-oxic, respectively while those collected under anoxic conditions were significantly lower at 56 and 21 mg/L for the same cases. These amounted to as much as 10-fold and 5-fold decrease in the concentrations of Ca 2+ and SO 4 2-, respectively. Regardless of these differences, Ca 2+ and SO 4 2had identical "flushing-out" trends under oxic and anoxic conditions, that is, the concentrations were initially high followed by a rapid decrease with time. Anoxic conditions also had a strong effect on the Fe concentration as illustrated in Figure 4 The tracer concentration peaks in cases 1-and 2-anoxic almost correspond to t/t mean = 1, indicating that most of the tracer were transported at the same time as the bulk of the fluid. The features of these curves are typical for a less heterogeneous flow system with small dispersions (Birkholzer and Tsang, 1997) . In case 3-anoxic, the curve was fitted to the data points based on the trend observed in the first two cases, that is, the peak was almost twice as that in case 2anoxic when the amount of tracer added was doubled. Higher tracer peaks were observed in cases 2-and 3-anoxic because of the higher amounts of tracer added in these cases. In addition, the tail end of the tracer peaks in cases 1-and 2-anoxic were more pronounced than that in case 3-anoxic, meaning that substantial part of the tracer travelled slower than the bulk fluid in columns with lower infiltration rates. These results suggest that although some of the tracer travel their way through low-permeable zones, the overall water flow in the columns was not facilitated by fast channeling effect (Moreno and Tsang, 1994) . These conservative solute behaviors are typical in systems with intermediate degrees of heterogeneity and saturation (Birkholzer and Tsang, 1997; Moreno and Tsang, 1994) . The rapid transport of the tracer is similar to those observed in the leaching trends of more conservative ions like Ca 2+ and SO 4 2-. However, the gradual increase and decrease of As concentration with time, which is strikingly different from those of Ca 2+ and SO 4 2-, suggests that chemical reactions have far greater influence on the mobilization of As than water flow characteristics.
Even under anoxic conditions, the altered rock was capable of attenuating additional As loadings including As[III] as illustrated in Figure 5 (b) and Table 7 . In case 1-anoxic where 0.418 mg of As[III] was introduced, a slight increase in the concentration of As was observed resulting in a small peak between weeks 64 and 75. This concentration peak of As was ca. 80 μg/L which was ca. 20 μg/L higher than the effluent As concentration prior to the spike test. However, this 20 small increase only accounted for ca. 1% of the total As[III] spiked into the column. There was insignificant As concentration increase in case 2-anoxic where As[V] species was added amounting to 0.833 mg, but doubling both this amount (case 3-anoxic; 1.67 mg) and the infiltration rate dramatically increased the concentration of As from ca. 30 to ca. 120 μg/L. This
As concentration increase started at week 61 and continued until the end of the experiment. Even at this high infiltration rate and As concentration, the rock was able to retain ca. 80% of the As spiked in case 3-anoxic (Table 7 ). Figure 6 shows the distribution of As in the pore water of cases 1, 2 and 3 under anoxic conditions. In case 1-anoxic, the maximum As concentration was observed around the middle of the column amounting to 155 µg/L whilst pore water As concentrations at the top (depth: 0 -60 mm) and bottom (depth: 120 -200 mm) were lower. In case 2-anoxic, As concentrations in the pore water was initially 29 µg/L, increased with depth until a maximum value of 76 µg/L was reached followed by a decrease in concentration reaching a final value of 54 µg/L. This trend of As concentration increase followed by a decrease with depth observed in case 2-anoxic became more pronounced in case 3-anoxic. The As concentration profile with depth in case 1-anoxic was a little different compared to the other cases, which might be due to differences in the properties of As species used in the spike tests. Regardless of these differences, all three cases had similar
As concentration trends in the pore water with depth, that is, both top and bottom regions had lower As concentration relative to the middle of the column.
Temporal and spatial speciation of arsenic in the columns
An Eh-pH diagram illustrating the speciation of As is shown in Figure 7 
Water residence time, mineral dissolution and pH variability
Under anoxic conditions, the effects of water residence on mineral dissolution and pH variability became more apparent. Shorter water residence time resulted in the faster dissolution and flushing-out of soluble phases as well as the higher pH values of the effluents. In addition, mass balance calculations indicated that the oxidation of pyrite and dissolution of calcite increased at longer water residence time, which was consistent with the lower pH values observed at lower infiltration rates (Figure 2(a) ). Relatively high concentrations of Ca 2+ and SO 4 2were also observed at the start of the experiment and their flushing-out trends could be attributed to the presence of soluble phases like Ca-sulfates (e.g., gypsum) and Fe-sulfates in the rock, which are most likely secondary mineral products of pyrite oxidation prior to sampling (Figures 2 and 10B ) (De Donato et al., 1993; Tabelin et al., 2012a; Todd et al., 2003) . Substantial SO 4 2concentration decrease in all cases under anoxic conditions suggests that pyrite oxidation is minimized.
Precipitation of calcium arsenates and arsenites, which are important sinks of As at circumneutralalkaline pH, was not thermodynamically possible even at relatively high Ca 2+
concentrations (>300 mg/L) ( Figure 11 ). In contrast, precipitation of Fe-oxyhydroxides/oxides is thermodynamically favorable even under anoxic conditions (Figure 11 ). However, depleted O 2 supply reduced the magnitude of this process resulting in the higher Fe concentrations in the 23 effluent under anoxic conditions (Figures 4(f) ) (Tabelin et al., 2012b) . However, aside from the oxyhydroxides/oxides of Fe, those of Al would also thermodynamically precipitate based on the calculated SI values (Figure 11 ), which could further enhance the ability of the rock to mitigate the migration of As. dissolved Fe in the effluent is not saturated enough for precipitation to occur, which would result in higher pH values of the effluent. In addition, the pH of the effluent is strongly dependent on O 2 and CO 2 that are important in the oxidation of pyrite, precipitation of Feoxyhydroxides/oxides and dissolution of calcite (Appelo and Postma, 2005; Moses and Herman, 1991; Moses et al., 1987) . Both pyrite oxidation and Fe-oxyhydroxides/oxides precipitation increase the concentration of H + ions in solution, which tend to decrease the pH of the system as illustrated by the following equations: Under anoxic conditions, the extent of these two processes is thermodynamically reduced resulting in higher pH values of the effluent. In addition, depletion of dissolved CO 2 in the system would make the system "closed" with respect to CO 2 that would further increase the pH (Appelo and Postma, 2005) . These combined effects of water residence time and dissolved gases where calcite and pyrite were equilibrated in pure water at depleted O 2 and CO 2 concentrations (Table 8 ). Furthermore, SEM-EDS maps of the rock after the experiments confirmed the presence of Fe-sulfide and oxyhydroxides/oxides minerals that are key components of the pH evolution processes discussed above ( Figure 10A and B) . Based on these results and those 25 presented in the previous paper of the authors (Tabelin et al., 2011b) , the processes controlling the pH of the altered rock are similar under both oxic and anoxic conditions, and are due to the following: dissolution, pyrite oxidation and precipitation reactions.
Arsenic mobilization under anoxic conditions
Mass balance calculations showed that the amount of As released from the rock was lower at longer water residence times, although the opposite was observed for the amounts of leached Ca 2+ and SO 4 2-. As discussed above, longer water residence time enhanced pyrite oxidation, calcite dissolution and Fe-oxyhydroxide/oxide precipitation, which resulted in lower pH values especially during the initial stages of the experiment when the contribution of soluble phases was very high. These results suggest that the water residence time affects As mobilization under anoxic conditions via two interrelated processes. First, rapid dissolution and transport of As from soluble phases at shorter water residence time minimize the immobilization of As through adsorption and/or co-precipitation reactions. Second, water residence time affects the pH of the rock-water system through its interactions with pyrite and calcite, which are the primary pH controlling minerals of altered rocks (Tabelin et al., 2012a) .
Similar As leaching trends under oxic and anoxic conditions indicate that the mechanisms of
As release under both conditions are probably similar, and could include one or more of the following: dissolution of soluble phases, pyrite oxidation and adsorption/desorption reactions (Case 3 in Figure 4 ). However, the substantial increase in As concentrations under anoxic conditions demonstrated that immobilization processes most likely those pertaining to the adsorption of As onto Fe oxyhydroxides/oxides precipitates had been greatly reduced. In the first couple of weeks of the experiment, the amount of As in the effluent was low because of the high Ca 2+ concentration of the effluent that enhanced adsorption through the formation of more 26 positively-charged mineral surfaces (Ghosh and Teoh, 1985; Meng et al., 2000; Stachowicz et al., 2008; Wilkie and Herring, 1996) . However, this positive effect of Ca 2+ on As adsorption was only temporary, and as soon as the concentration of Ca 2+ decreased below ca. 50 mg/L, As leaching was enhanced significantly. Dissolution of soluble Fe-bearing phases and pyrite oxidation also released considerable amounts of Fe ions into solution in addition to As.
Precipitation of dissolved Fe could effectively lower the concentration of As via co-precipitation and adsorption reactions (Cornelis et al., 2008; Dousova et al., 2003; Dzombak and Morel, 1990; Ghosh and Teoh, 1985; Wang and Mulligan, 2006) . However, depletion of O 2 under anoxic conditions reduced the extent of Fe oxyhydroxides/oxides precipitation resulting in high Fe and
As concentrations of the effluent (Figure 4) . After most of the soluble Fe and As-bearing phases were dissolved, the release of As was probably due to the continued oxidation of pyrite because majority of As in this rock is associated with sulfide minerals like pyrite. However, a portion of these released As is also immobilized via adsorption onto Fe-oxyhydroxides/oxides precipitates that are formed as a consequence of pyrite oxidation (Equations 2 -4). These deductions are supported by our geochemical modeling (Table 8 ; Figure 11 ), which showed that the measured pH and concentrations of Ca 2+ and SO 4 2after week 25 agreed well with the calcite-pyrite system used in the model. In addition, evidence of Fe-sulfides and Fe-oxyhydroxides/oxides was found in the altered rock after the column experiments using SEM-EDS ( Figures 10A and B) .
Under anoxic conditions, the absence/depletion of O 2 minimized pyrite oxidation, but was insufficient in lowering the concentration of As in the effluent below the drinking water standard of Japan (10 μg/L). Thermodynamics dictates that pyrite oxidation becomes negligible in the absence of O 2 as illustrated by the very low concentration of SO 4 2in our geochemical modeling calculations (Table 8 ). However, the actual SO 4 2concentrations measured in the effluents were 27 more than 4 orders of magnitude higher than the predicted values, and were closer to the simulation results with trace amounts of O 2 and CO 2 (Table 8) . Actual measurements of DO concentrations of the deionized water showed that trace amounts still existed (0.1 -0.3 mg/L).
This indicates that pyrite oxidation occurred in the columns because of these trace amounts of DO in the deionized water albeit at a kinetically slower rate. It was difficult to completely eliminate DO in the experiments, but DO was substantially lowered from ca. 10 mg/L (under ambient condition) to concentrations that approximated anoxic conditions.
There was also a spatial distribution of As with depth under anoxic conditions similar to those reported in our previous work under oxic conditions (Tabelin et al., 2012b) , which means that the columns are also divided into 2 distinct regions: a leaching region and an adsorption region. Mobilization of As was dominant in the upper half of the columns (leaching region) while the remaining half favored immobilization processes like adsorption (adsorption region) ( Figure 6 ). However, under anoxic conditions, effectiveness of this adsorption layer was greatly diminished because of reduced Fe oxyhydroxide/oxide precipitation (Figure 2 ; Equations 5 -6).
In general, the results of this study and those reported in the previous paper of the authors (Tabelin et al., 2012b) show that the temporal and spatial release mechanisms of As from altered rock at slightly alkaline pH conditions are the same under both oxic and anoxic conditions.
Arsenic speciation under anoxic conditions
The speciation of As in the columns under anoxic conditions was more complex than those predicted by the Eh-pH diagram (Figures 7 and 8) . As[V] concentrations exceeded those of As[III] at the beginning and the end of the column experiments (0 -25 weeks and again after about 50 weeks), which are consistent with the prediction of the Eh-pH diagram based on the measured pH and Eh of the effluents. However, As[III] predominated in the effluents collected around the middle stages of the experiment, indicating that in addition to pH and Eh, other factors and/or processes strongly influenced the speciation of As released from the rock.
The release of As[III] species from the altered rock was somewhat delayed under anoxic conditions. In the batch experiments, As[III] only became substantial after 6 hours. This was delayed by more than 5 hours in comparison to those observed under oxic conditions (Tabelin et al., 2012b) . Apparent equilibrium in terms of the total As concentration was not achieved under anoxic conditions even after 24 hours in the batch experiments. In contrast, apparent equilibrium was observed under oxic conditions only after ca. 6 hours (Tabelin et al., 2012b) . This delay in the apparent equilibrium of As species was also observed in the column experiments ( Figure 8) .
One of the processes that probably had strong influence on the speciation of As in the columns is the precipitation of Fe-oxyhydroxides/oxides and the subsequent adsorption of As species (Raven et al., 1998) . In contrast to the oxic results, concentration peaks of As [III] were not observed during the first 20 weeks of the experiment under anoxic conditions ( Figure 8 ; Figure 8 in Tabelin et al. (2012b) ). Significant concentrations of As [III] were not observed during these early stages of the anoxic experiment probably because of its preferential adsorption onto Fe oxyhydroxides/oxides at higher pH. As the pH decreases, adsorbed As[III] are replaced by As [V] resulting in its release into effluent after the total As concentration peak (Figure 8 ). The pH dependent adsorption of As species occurs because of electrostatic differences between As oxyanions and the surface of Fe oxyhydroxides (Raven et al., 1998) the speciation of As especially at low total As concentration is supported by other researchers (Raven et al., 1998; Stachowicz et al., 2008) .
With depth, As[V] was the predominant As species in the pore water, but significant As [III] was observed at the upper part (top 20 mm) of the column (Figure 9 ). The decrease of As[III] in the pore water with depth may occur as a consequence of oxidation and adsorption reactions.
Oxidation of As[III] to As[V] probably happened because of the interactions of As[III] with organic matter and/or manganese oxides found in the altered rock at trace amounts (Chiu and Hering, 2000; Redman et al., 2002; Tabelin et al., 2012b) . In addition, oxidation of As[III] is possible due to the presence of As[V] at low total As concentration characteristic of this experiment (Jang and Dempsey, 2007) . Oxidation of As[III] to As[V] enhances As immobilization because of the higher adsorption affinity of As[V] especially at lower pH conditions (pH<9).
CONCLUSIONS
Large volume of hydrothermally altered rocks excavated during road-tunnel projects are potential sources of soil and groundwater contamination because of their elevated toxic elements content. Therefore, it is of critical importance to understand the leaching behavior and release mechanisms of the toxic elements from these sources that will aid in the development of appropriate mitigation approaches for these hazardous wastes. In this research, the mobilization and speciation of As from a calcite-pyrite-bearing altered excavated rock were investigated under anoxic conditions. Anoxic conditions enhanced the release of As from the altered rock because 30 of the associated pH increase and reduction of Fe oxyhydroxides/oxides precipitation. The amount of As released from the rock was further increased at shorter water residence times (i.e., higher infiltration rates) due to the rapid transport of dissolved As that minimized its immobilization through co-precipitation and/or adsorption reactions. The effects of these factors were more pronounced especially during the first couple of weeks of the experiment when the dissolution of soluble phases was more significant. Both the temporal and spatial mechanisms of As release from the altered rock under anoxic conditions were similar to those observed under oxic conditions. The release of As[III] was somewhat delayed under anoxic conditions, but could still be partly attributed to the pH dependent adsorption of As species onto Fe oxyhydroxides/oxides precipitates. Moreover, less Fe oxyhydroxides/oxides precipitates due to anoxic conditions decreased the natural attenuation capacity of the altered rock that resulted in significant As concentration increase especially after the introduction of additional As loadings. 
Figure Captions
FIGURE 3
Correlation between As and Ca 2+ concentrations in the effluents of all cases. Correlation coefficients of cases 1-, 2-and 3-anoxic for N > 50 are equal to 0.97, 0.93 and 0.92, respectively. All of these values are statistically significant at p < 0.005.
FIGURE 4
Effects of anoxic conditions on the pH, Eh, As, Ca 2+ , SO 4 
FIGURE 5
Results of the tracer and spike tests under anoxic condition; (a) Brconcentration with dimensionless time (t/t mean ), and (b) As concentration before and after the spike test.
FIGURE 6
Spatial distribution of As in the pore water of all cases.
FIGURE 7
Eh -pH predominance diagram of As at 25 0 C, 1.013 bars, activity As = 10 -6 , activity SO 4 2-= 10 -3 . The rectangular regions represent the range of Eh and pH of the actual effluents collected in cases 2-and 3-anoxic.
FIGURE 8
Evolution of total As, arsenate (As[V]) and arsenite (As[III]) concentrations with time in the effluent: (a) case 2-anoxic and (b) case 3-anoxic.
FIGURE 9
Evolution of total As, arsenate (As[V]) and arsenite (As[III]) concentrations with depth in case 2-anoxic. 
